North American and European grasslands consist of relatively young communities that have evolved under human influences. These communities are uniformly sensitive to top-down controls and exhibit rapid changes in plant composition when the intensity and frequency of these controls are altered. These changes are intensifying due to the suite of global change factors, including the continued presence and introduction of new plant species. Establishment of nonnative plant species into grasslands requires resource opportunities generated by natural and human-induced disturbances and by niche differences of the new species. Persistence and spatial expansion require that the traits of the introduced species be compatible with a new regime of competitors, predators, pathogens, and symbionts. Plant traits of the invaders may then further facilitate the invasion process by preempting resources or by restructuring the soil microbial community and trophic food web in ways that directly or indirectly benefit the invading species. 
INTRODUCTION
"I strongly suspect that a large majority of well-adapted natives could be supplanted by some exotic form that has never experienced the immediate habitat" (Gould 1997).
The above hypothesis has been tested and supported numerous times across the grasslands of North America and Europe. A massive research effort over the past several decades has yielded substantial insights into the mechanisms responsible for these changes, but a comprehensive framework that synthesizes these findings into models acceptable and understandable to a diverse group of population, community, and ecosystem ecologists remains at least incomplete. Here, we attempt a synthesis that allows the studies of invasive species to be integrated into the broader framework needed to study, understand, and manage community responses in an era of rapid environmental change (for some introductory definitions, see the sidebar on Nonnative Species and Invasibility of Ecosystems).
The ability of a species to invade and the vulnerability or resistance of a recipient community to the invasion is viewed as two sides of the same coin (Richardson & Pyšek 2006) . Here, we have chosen to follow Richardson et al. (2000b) in defining invasive as a nonnative naturalized (established) species that is spreading or has spread since its introduction. Although the impacts of the majority of invasive plants on recipient communities remain to be scientifically documented (Vilà et al. 2010 , Pyšek & Richardson 2010 , invasive species often perturb characteristics of the preexisting community. Because no two species are identical in all traits, invasive species have the potential to alter a range of community characteristics, from biogeochemical and energy dynamics to species richness patterns. Beyond such changes, separating an invader's impacts from those caused by concurrent environmental drivers often remains problematic. For example, although nonnative species introductions are associated with threats to native species (Wilcove et al. 1998 , Vilà et al. 2010 ) and diversity (Hejda et al. 2009a) , the abundance of nonnative species can be the result of other physical or chemical changes in the environment and not necessarily the causal mechanism for change (Gurevitch & Padilla 2004 , MacDougall & Turkington 2005 .
NONNATIVE SPECIES AND INVASIBILITY OF ECOSYSTEMS
Current floras are composed of native and nonnative species. Native species have evolved in a given area or arrived there by natural means, without the intentional or accidental intervention of humans from an area where they are native (Pyšek et al. 2004) . Nonnative (alien, exotic, introduced) species are species whose presence in a region is attributable to human actions that enabled them to overcome fundamental biogeographical barriers. Only a fraction of nonnative species become invasive; they are defined as species that become naturalized, i.e., sustain self-replacing populations over several life cycles and have the potential to spread over long distances and dominate local communities (Pyšek et al. 2004; Richardson et al. 2000b Richardson et al. , 2011 Blackburn et al. 2011) .
To describe invasions in plant communities, two measures are used. First, invasibility is the susceptibility of a community, habitat, ecosystem, or region to invasion. It is an inherent property of the system independent of propagule pressure. The number of nonnative species existing in the community is given by the product of the number of nonnative species introduced to it and their survival rate, which is a measure of invasiveness (Londsdale 1999) . Second, the level of invasion is the number or proportion of nonnative species in a community. It depends on the rate of introduction of alien species into the community (propagule pressure), and therefore it is not a measure of community invasibility; if propagule pressure is high, even communities resistant to invasion can experience high levels of invasion (Chytrý et al. 2008a , Richardson & Pyšek 2006 .
Top-down controls:
processes at a higher trophic level that regulate densities and distribution; fire can function in this manner in grasslands Grasslands are dynamic communities, showing changes at interannual and decadal scales (cf. Risser et al. 1981 , Joern & Keeler 1995 , Stromberg et al. 2007 ). However, the rate of change in the vegetation composition of these ecosystems appears on the increase (e.g., Alward et al. 1999 , Briggs et al. 2005 . In addition to changes caused by habitat destruction and fragmentation (Ellis et al. 2010) , communities of grasslands are now changing due to cumulative or interactive effects of climate, carbon dioxide enrichment, nitrogen enrichment, alterations in disturbance regimes, the introduction of nonnative species, and other extensive human impacts that are the current drivers of global environmental change (Vitousek et al. 1997 , Brooks et al. 2004 , Millenium Ecosystem Assessment 2005 , Vilà et al. 2007 , Chapin et al. 2010 .
Here, we address the mechanisms driving plant species change in grasslands caused by humanassisted introductions of plant species. Although there is no doubt that changes in species composition due to invasion can cause, in the absence of other variables, minor to massive changes in community and ecosystem dynamics, we also agree that invasive species ecology must be integrated into a more general ecological framework that recognizes that change is the net outcome of multiple factors (Davis et al. 2005 , Sax et al. 2005 ). This framework must accommodate the reality that such changes can come from both external drivers, including new species, as well as from the restructuring of the community that results from the internal responses of the extant community to the suite of new conditions.
GRASSLAND COMMUNITIES IN NORTH AMERICA AND EUROPE

Historical Perspective
The temperate zone grasslands of North America and Europe are both of recent, albeit distinct, origins. These ecosystems formed during a period of time when humans were also expanding their populations and influence across both continents. Approximately 18,000-12,000 years ago the forests that grew south of the Northern Hemisphere Pleistocene glaciers were altered by climatic forces as well as manipulated to varying degrees by humans. In North America, more xeric and fire-adapted species from the Southwest advanced northward. A fire-prone herbaceous community evolved both in the center of the continent and in portions of the more arid western regions. In Europe and western Asia, wetter conditions over most of the continent meant that herbaceous species remained as understory species or functioned as ruderals following tree death. Human pastoralists generated most of these grassland ecosystems. Thus, humans appear to have had a disproportionately larger influence on the development of grasslands in Europe. However, Native Americans are believed to have created and expanded grasslands from closed forests in at least some eastern portions of the continent (e.g., Baskin et al. 1994 ) and were influencing the seasonality and frequency of fire return intervals by the time Europeans began crossing the plains of North America in the early to mid-nineteenth century (Pyne 1982).
Grasslands Are Found in Highly Variable Climatic Regimes
Any attempt to use climate variables to describe the geographical extent of grasslands is doomed to failure, primarily because grazing and/or fire and now human intervention determine the spatial extent of these ecosystems (Ellenberg 1988 , Bond 2008 . Bond (2008) describes these variables as "top-down controls," an idiosyncratic view of fire but an appropriate example of how internal ecosystem processes can mitigate or override climatic controls on ecosystem structure. The dynamic nature of this top-down control is perhaps most evident in humid and semihumid grasslands, which will, in the process of succession, quickly transform to forests given the presence of woody species and the absence of fire, or in response to inappropriate grazing intensities and frequencies (Schlesinger et al. 1990 , Scholes & Archer 1997 , Van Auken 2000 , Briggs et al. 2005 .
Climate does, however, contribute to determining community structure and the photosynthetic pathways in these ecosystems. The central portion of North America (the Great Plains) and portions of the Southwest of North America are summer-wet ecosystems whose temperature regime allows for historical dominance by grasses with the C 4 photosynthetic pathway (Edwards et al. 2010) . Higher elevations of the Rocky Mountain and western grasslands are either too cold for C 4 dominance or possess winter-wet systems that favor C 3 species, and the far western regions of North America have a strong winter-wet climate signature. Historically, grasslands intertwined in the arid southwestern region of North America, with climate, soil type and fire return intervals often controlling the dominant composition of these landscapes (e.g., Peters et al. 2006) .
The second feature of the climate of most grasslands is a large interannual and decadal variability in precipitation that can drive changes in community dominance (Knapp et al. 2002) as well as influence invasibility of these communities (Cleland et al. 2004) . Drought can replace a light limitation with a water limitation, thereby altering the relative competitive abilities of the vegetation and strongly influencing both current and future species composition. Climate also influences fire return intervals and intensity and therefore indirectly regulates one of the top-down controls on species composition.
During the past few thousand years, most European woodlands have been largely denuded of their natural cover, changing the microclimate at ground level. This led to the human-influenced development of arid and semiarid grasslands, relatively young communities built by thermophilous species that are able to survive periods of drought. With removal of the moderating effect of tree canopy on ecological conditions at the ground level, the grassland differentiated into various types differing in species composition; species-rich calcareous grasslands are found on lime-rich soils, in contrast to species-poor acid siliceous or sand grasslands. Steppe-like grasslands typically exhibit some poverty in nutrients due to the removal of biomass through grazing and mowing without manuring. Additional important differentiation in the species composition of grassland vegetation in Europe is along the climatic gradient of continentality, generated by a dry-down with increasing distance from the sea (Ellenberg 1988). Hobbs & Huenneke (1992) noted that invasibility was affected by the change in type, intensity, and frequency of disturbances experienced by a community. The conditions that select for dominant species are altered, and resource opportunity is provided for the initial invasion of the species. Mack & D'Antonio (1998) noted that invasive species are capable of modifying existing disturbance regimes or can introduce new disturbances. Change in fire frequency is one of the most relevant examples in North American grasslands (Mack 1989 , Brooks et al. 2004 . Despite millennia of interactions between climate and changing anthropogenic disturbances, grasslands have remained relatively stable-a testament to the species that persist in these disturbance-adapted ecosystems. Even so, new disturbances, or disturbance frequencies or intensities outside the historical range of variability, of these communities argue that further change, rather than resilience, is likely (Seastedt et al. 2008) .
The Role of Disturbance: Grazing and Grasslands
In North America the immense herds of bison (Bison bison), one of the few surviving members of a highly diverse Pleistocene fauna, appear to have been largely unregulated by humans until the 1600s, after the reintroduction of the horse into North America. These grazers continued the large impacts on vegetation that evolved in the presence of an abundant Pleistocene megafauna of North America (Knapp et al. 1999 ). However, not all North American grasslands evolved under heavy grazing pressure (Mack & Thompson 1982) . Apparently, post-Pleistocene bison were never abundant in the Californian grasslands, where introduction of cattle in the 1600s allowed a rapid transformation of perennial bunchgrasses into systems dominated by nonnative annual grasses (Mack 1989 , D'Antonio et al. 2007 , HilleRisLambers et al. 2010 . Elsewhere, cattle were either introduced or replaced bison in the nineteenth century on the surviving tracts of grasslands. If grazed in a manner similar to bison, cattle can have similar effects on native grasslands (Towne et al. 2005) . However, most areas experienced increases in the intensity and frequency of grazing by ungulates, and these increases altered and sometimes transformed the distribution of dominant life-forms of these communities (Schlesinger et al. 1990 ).
INVASIONS AND TRANSFORMATIONS OF GRASSLANDS
Transformation of North American Grasslands
The species exchange between Old World and New World or Eurasia and North America was rather unidirectional during early times of global biological invasions, with species of the Old World and Eurasia in particular possessing adaptations from long-term coexistence with humans (di Castri 1989) . This is one reason why grasslands in North America are much more invaded than corresponding communities in Eurasia, and the majority of nonnative species in North America are of Eurasian origin (Rejmánek et al. 1991) . This is illustrated by the nonnative flora of California, in which the proportion of European species among the 975 nonnative species recorded in this state up to the beginning of 1990s was 69%. Of 127 naturalized grasses, 95 arrived from Europe (Rejmánek et al. 1991) .
European settlers converted forests into pastures in much of the humid zones of North America. These seminatural grazing lawns were composed of a mix of native and European plant species, with many of these European grasses subsequently invading unmanaged grasslands further to the west. In some cases it appears that the introduced species invaded areas ahead of botanical surveys. These introduced grasses were followed by a secondary wave of deliberate introductions in the late nineteenth and early to mid-twentieth centuries. These introductions were performed initially to improve upon native productivity for human benefit and subsequently to contribute to recovery activities following the human-caused dust bowl in the 1930s. These introductions included species from Asia and Africa. Literally thousands of plant species were introduced in these successive waves of "improvements."
Extensive high-frequency and high-intensity grazing by cattle and sheep in the late nineteenth century undoubtedly influenced subsequent perceptions of natural areas throughout the grasslands of North America. Although conclusive proof is lacking, overgrazing was likely the primary factor that facilitated the first invasions and transformations of many of these landscapes. As previously mentioned, annual grass transformations in California occurred by the mid-nineteenth century (D'Antonio et al. 2007 ). The Russian thistle, Salsola kali, accidentally introduced in the 1870s, became so common that the species was naturalized in cowboy folklore in the song, "Tumbling Tumbleweeds." Closely behind this species is one of the most dominant and widely dispersed of the global invaders, cheatgrass, Bromus tectorum, which came into North America sometime around 1890 (Mack 1981) . The invasion rate of this species, covering 200,000 km 2 in the following 40 years, is among the most extensive and fastest ever recorded for plants (Pyšek & Hulme 2005) . Its abundance early in the twentieth century attracted the attention of naturalists such as Aldo Leopold, who saw the invasion as a consequence of overgrazing. This massive invasion can be explained by differences in the morphology of native, perennial grasses and the annual life-form of Bromus, with the native caespitose species not being able to readily replace meristems removed by large grazers that were probably historically absent from some regions of North America, and to which the Eurasian invader was adapted from its homeland (Mack 1989) . In addition, Bromus tectorum possesses a competitive advantage over a native dominant grass because of its phenology; root growth starts earlier in the spring in the invasive species, allowing it to exploit soil moisture ahead of the native competitor (Harris 1967 ). An expanded growing season and wetter winters in some regions of North America may further facilitate the dominance of this invasive species.
Invasibility of European Grasslands Compared to Other Habitats
For Europe, comprehensive data exist that make it possible to assess where grasslands stand in terms of the level of invasion. In general, these communities are little to moderately invaded in Europe, but differ in invasion by two groups of nonnative species traditionally distinguished in Europe based on residence time: archaeophytes (nonnative plants introduced to Europe during the period since the beginning of Neolithic agriculture and before the discovery of America by Columbus in 1492) and neophytes (nonnative plants introduced to Europe after the discovery of America by Columbus in 1492) (Pyšek et al. 2005 , Lambdon et al. 2008 . In their analysis of the level of invasion in three biogeographical regions of Europe, using the standard scale of vegetation plots ranging in size from units to hundreds of square meters, Chytrý et al. (2008b) found that neophytes contributed 0.4%-0.7%, 0.4%-1.3%, and 1.1%-2.6% to the total number of species recorded in dry, mesic, and wet grasslands, respectively; the corresponding values for archaeophytes were 0.1%-6.0%, 2.5%-5.3%, and 1.0%-2.7% of species. In general, neophytes across all habitats analyzed show a higher affinity to wet habitats and woodlands, and archaeophytes prefer open vegetation at dry or mesic sites. This pattern reflects habitat compatibility of nonnative species in their primary and secondary ranges (Pyšek et al. 2010) . Most archaeophytes of temperate Europe originate from rather dry areas of southern Europe and the Near East, with a high representation of dry treeless vegetation, whereas most neophytes arrived from wetter areas such as the deciduous broad-leaved woodlands of North America or Eastern Asia (Hejda et al. 2009b ).
This ranking of European grasslands among all habitats according to the level of invasion is in sharp contrast to analogous data from North America. A large-scale survey by Stohlgren et al. (1999) reported that nonnative species in a wide range of grasslands represented about 15% of the total number of species. Data from comparable plot sizes in which the most invaded habitat was a type of grassland (irrigated shortgrass prairie) show that the mean number of nonnative species per 100 and 1000 m 2 plot reached 6.9 and 10.0, respectively, or 36.5% and 33.3% of all species (Stohlgren et al. 2006) .
To obtain an insight into real invasibility of plant communities and habitats, one must separate the effects of habitat properties from those of propagule pressure and from other potentially confounding factors, such as climate (Chytrý et al. 2008a,b) . Central European grasslands, regardless of moisture regime and availability of nutrients, exhibit intermediate levels of invasion but low invasibility owing to their location in areas with high propagule pressure that partly overrides their relatively high resistance to invasion (Pyšek et al. 2010) . In general, least invasible are those habitats that are little disturbed. The most resistant perennial grasslands are also disturbed by grazing or mowing, but such disturbances do not result in a significant temporary increase in nutrient availability because vegetation is never disturbed completely and the resident plants respond to damage by rapid uptake of free nutrients to support their fast regrowth (Chytrý et al. 2008a ). In addition, nutrient input, e.g., fertilizer application in an oligotrophic grassland, may cause a rapid shift toward mesotrophic or eutrophic grassland. Such transitional habitats may become highly invasible (Pyšek et al. 2010 ) in a pattern similar to that observed in North America (Hobbs & Huenneke 1992) .
MECHANISMS OF INVASIONS INTO GRASSLANDS
Conceptual Models of Invasion
The many studies on invaders and invasibility over the past two decades have led to several comprehensive summaries of the causes and impacts of invasions (Sax et al. 2005 , Lockwood et al. 2007 , Theoharides & Dukes 2007 , Davis 2009 , Ehrenfield 2010 . Human-assisted species introductions have been described by a number of general conceptual models that are also appropriate for grasslands. Following the summary used by Theoharides & Dukes (2007) and Davis (2009) , the invasion process involves dispersal, establishment, spread, and in a small subset of cases, dominance. The dramatic changes associated with the wholesale conversion of a plant community to one dominated by a nonnative species tend to capture our attention, and the search for the explanation behind the few superinvaders has dominated public attention and a substantial portion of the scientific literature. Here, we first discuss a general mechanism for the establishment phase of human-assisted introductions and then discuss the mechanisms that appear to explain the relative successes of individual invaders.
Lonsdale (1999) provides a general model of invasion that, while containing substantial details not reviewed here, involves the probability of a species getting into a community, followed by the probability of its survival and subsequent reproduction. Population ecologists might be considered preadapted to study the former process, whereas community and ecosystem ecologists have focused on the importance of the latter. Both parts of the equation must be positive for an invasion event to occur, and both parts of the equation contribute to temporal and spatial patterns of invasions of grasslands.
Levine et al. (2003) conducted a meta-analysis of factors responsible for the success of invasive species, and Levine et al. (2004) reviewed the factors that determine resistance to invasion. Daehler (2003) evaluated competition studies to find traits of invasive species that differ from those of natives. These analyses have been repeated and often confirm that no common trait of the invader allows for invasion (Pyšek & Richardson 2007) , and no trait of the community provides a dominant mechanism to resist invaders, at least over the long term. That said, we do find some commonalities that appear to explain the invasion process and the current dominance of grassland invasives.
Any plant, regardless of its origin, resource use efficiency, or other biochemical trait, requires a minimum amount of light, water, and nutrients to colonize a new area. If the minimum resource requirements are not met, the species cannot become established. There are few exceptions to this rule, save, perhaps for species that bring their own resources to an available space [e.g., species with symbiotic nitrogen fixers can invade a communities lacking inorganic nitrogen (Vitousek & Walker 1989) ]. Niche overlap clearly is important in contributing to resistance to invasion (Hooper & Dukes 2010) . Although some invaders may subsequently alter resource feedbacks to either their benefit or detriment, these invaders still must survive for a period before the species can alter the resource supply. Hence, resource availability largely determines the ability for a plant to enter a community. Davis et al. (2000) proposed a general model that illustrates how fluctuating resource availability can drive the establishment phase of an invasion. The model predicts that, regardless of resource abundance within a community, resources are often not available and the key requirement for introduction of a new native or nonnative species is a window of resource availability. A relatively short period of opportunity can therefore determine the long-term outcome of an invasion (Davis & Pelsor 2001) , and a community that has sequestered all available resources cannot be invaded. Although increased resource availability may occasionally decrease invasibility of selected species, it does so because it increases the competitive abilities of existing species in ways that likely reduce A modified resource availability model based on figures 1 and 2 from Davis et al. (2000) . A disturbance to the community presents a resource opportunity, whereas the magnitude of the opportunity can be constrained by other site characteristics.
resource availability to the invader (Going et al. 2009 ). Regardless of whether the system is a monoculture of a C 4 grass or a diverse mixture of grasses or forbs, such communities have the potential to provide substantial resistance to invasion. This interpretation resolved much of the multiple decade-long conflicts about the importance of local richness or diversity on community invasibility (e.g., Cleland et al. 2004 , Fridley et al. 2007 .
Several important consequences of the resource opportunity model have been identified by Davis et al. (2000) and Shea & Chesson (2002) . First, the absolute amount of resource opportunity is limited by the absolute amount of resource potential of a community. Thus, while any community is potentially invasible to a species with the appropriate traits, nutrient-rich communities have the potential to offer the greatest resource opportunity as well as the greatest diversity of microsites (Figure 1) . Resource-rich communities therefore are likely to be more invasible over time (Burke & Grime 1996) as well as to house more species. This pattern appears to be common across grasslands (Stohlgren et al. 1999) . Site variation in resource availability also affects species richness and invasibility (Davies et al. 2005 , Melbourne et al. 2007 , Sandel & Corbin 2010 , and resource-rich sites often have the potential to have greater heterogeneity. Resource opportunities are more likely to occur periodically in communities with high interannual variability in precipitation (Cleland et al. 2004) . During droughts, the absolute resource availability of a community declines. Plant die-back caused by resource reduction can open the canopy, and areas formerly light and nutrient limited are subsequently available for exploitation by the existing seed bank or by plants adjacent to openings. A secondary effect of drought is that microbial mineralization processes can continue to a modest degree during droughts, while plant uptake of these microbial products is limited or not possible. soil during drought, and when rains return, resource opportunities occur as resource availability is relatively high (for example, in Figure 1 , resource values are moved to the right faster than the existing species can sequester these resources). Simberloff (2009) assessed the role of propagule pressure in invasions and concluded that the sizes and numbers of propagules as well as their temporal and spatial dynamics are significant to the invasion process (see also Lockwood et al. 2005) . While propagule characteristics may not change the conceptual framework offered in Figure 1 , these characteristics clearly change probabilities of invasion (e.g., the likelihood that a new species rather than a resident species can exploit resource opportunities) and subsequent outcomes for naturalization. New species must persist in the regional species pool while awaiting a resource opportunity in the focal habitat. Grasslands are often nested within fragmented landscapes, interspersed with roads and humandominated habitats, including cultivated fields. Hence, adjacent to the state space depicted in Figure 1 are chronically disturbed habitats. Such areas may provide sources of seeds that disperse annually into grasslands, but these invasions may completely fail, or provide small populations dependent on propagules from these source areas for their continued presence. In more arid grasslands, irrigation of artificially wetter habitats may provide refugia for plant species thatsooner or later-will have a resource opportunity to invade (Minton & Mack 2010) . Thus, while a resource-limited area may offer only short windows for invasion, we suspect that many invasive species of grasslands can wait for such opportunities in nearby refugia.
Given the availability of resources, an invasive plant could be prevented from establishment within a community by biotic factors that include interactions between primary and secondary regulators, as well as indirect effects from service providers (Figure 2) . Predators, pathogens, or even organic chemicals in the soil could negate the presence of adequate resources. Further, a resource opportunity allows a plant to invade a grassland, but to survive, spread, and-in a subset of cases-become an abundant or dominant species requires the ability to obtain resources through a gauntlet of abiotic and biotic processes and characteristics of the community that directly or indirectly limit access to those resources. Only a subset of species endowed with the right traits in the right place can be successful. This concept is consistent with the tens rule (Williamson & Fitter 1996) . First, the species must be able to survive the specific climate regime and edaphic resources found at a site. The species must be adapted to persisting or returning following natural disturbances such as fire or flooding. And, finally, the species must be able to persist and reproduce in the presence of existing predators and pathogens, as well as to successfully compete for the essential and limiting resources of the site, given the presence of the preexisting biotic community (Figure 3) .
Community Feedbacks on Invasive Plants
The outcome of the invasion process is influenced by the positive feedbacks to the invader received from the presence of symbionts and service providers, as well as the negative feedbacks from competitors, herbivores, and pathogens (Figure 3) . Species within the community may also facilitate the invader or constrain the feedbacks from the other species. If these feedbacks are somewhat independent of each other, a large number of combinations of negative, neutral, and positive feedbacks influencing the outcome are possible (Table 1) . Here, we loosely define facilitation as the net benefit to the target species resulting from the presence of other species, regardless of these species' function. Thus, facilitation could result from a nurse plant or a top predator that consumes a problematic herbivore, or an endophytic fungus that confers resistance to other pathogens or herbivores. Although there are multiple ways to express these interactions, 
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Figure 2
Introduced species must tolerate negative feedbacks and may experience positive feedbacks provided by the existing biota in a community. For simplicity, the aboveground primary and secondary regulators are not shown as separate from the regulators found in the soil. The regulator groups and service providers are likely to influence the competition effects of the plant community. the point is that this exercise illustrates the complexity of potential mechanisms that drive the invasion process. While an oversimplification, our analysis indicates 144 possible combinations of negative, neutral, or positive effects imposed on a new species by the biotic components of the existing community (Table 1) . A species is successful in its native land because it can overcome the coevolved negative feedbacks by using its coevolved plant traits, the positive feedbacks from other biotic components, or both of these sources. In the introduced environment, the noncoevolved and coevolved interactions may differ dramatically, but these interactions control the invasion process.
A species should be a successful invader as long as the majority of the interactions are sufficient to override the negative feedbacks. If this is true, the answer to the question about what explains invasibility is that there is no single answer, and the invasion process and invasion outcome is context specific (Shea et al. 2005 , Pyšek & Richardson 2010 . Although this general conclusion may seem unsatisfactory, we feel the finding is based on a substantial, long-term research effort by the ecological community and is consistent with other recent summaries (e.g., Catford et al. 2009 , Ehrenfeld 2010 . Those nonnative species that receive an abundance of negative feedbacks cannot establish; those with neutral feedbacks might eventually become naturalized; and the few invaders lacking the common strong negative feedbacks, along with a net sum of positive feedbacks, have the potential to become dominants within the community. The importance of many of these feedbacks appears to have been overlooked and undervalued; many remain poorly known.
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Figure 3
A conceptual model of the invasion process that considers both ecosystem and species characteristics in assessing the outcome of the interaction. An invader is capable of dominance if it can sequester a majority of the resources, which can be accomplished by being preadapted to succeed within the extant biotic community, or dominance can be accomplished by the invader modifying key feedbacks to its own benefit. These interactions occur under changing environmental conditions that can influence all of the biotic components directly and indirectly, thereby blurring the distinction between niche difference and fitness characteristics.
The many experiments measuring competitive abilities of invasive versus native species have these feedbacks embedded within the experiments. We also hypothesize a single species might be a successful invader in different communities due to different feedback scenarios (e.g., weak competition in one, weak top-down controls in another). The literature describing community feedbacks on invasive plants is rapidly expanding. Mitchell et al. (2006) provided an initial summary of findings of studies on many of these biotic feedbacks. 
Service provider effects −0 + 3 × 2 × 2 × 2 × 2 × 3 = 144 a Relative to the success of the invader in the absence of this variable, the recipient community processes can constrain (−), enhance (+) or have no effect (0) on the performance of the invader. The response of the invader could also be scored based upon a biogeographic comparison (response in native range compared to that in invaded range). b Number of possible interactions influencing the invader listed up to that row (order is arbitrary).
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Mutualisms are known to facilitate invasions (Richardson et al. 2000a , Traveset & Richardson 2006 . Pringle et al. (2009) focused on the mycorrhizal feedbacks to invaders, and Newcombe et al. (2009) and Rudgers et al. (2010) report that endophytic fungi can alter competitive interactions as well. Escaping enemies is often very important (Keane & Crawley 2002), but, as noted in Figure 2 , an invasive plant can escape enemies by having predators of those enemies present to provide the mechanism for the escape. Of some importance for many invaders is the possession of growth traits that allow for exploitation of resource opportunities generated by these feedbacks, i.e., high production and fertility (Daehler 2003 , Leishman et al. 2007 ). Blumenthal (2006) and Blumenthal et al. (2009) provided a theoretical background and evidence indicating that the lack of enemies and possession of selected rapid-growth characteristics were often identified as traits of successful invaders. These positive feedbacks can lead to increased growth or allocation to seed production by the invader (e.g., Mason et al. 2008 ), which in turn can affect invasion rates and dominance (Seabloom et al. 2003 , Lockwood et al. 2005 , Colautti et al. 2006 .
Feedbacks from Invasive Species
Once a plant seedling achieves a given size, the plant has the potential to alter its interactions with its plant neighbors and its rhizosphere community ( Table 2 ). The feedbacks generated by the introduced plant are often viewed as impacts of the invader, but may be viewed as causal mechanisms for the relative success of the invader in addition to being recognized as impacts or consequences of invasion. For example, a plant that requires high nitrogen is potentially benefited by contributing litter that stimulates nitrogen mineralization in a timely manner and in a form useful to the invasive plant (Ehrenfeld 2003) . If a plant community has the preexisting characteristics to facilitate the invasion by a new species, then the positive feedbacks generated by the invader after its arrival and establishment are add-on benefits, but not an explanation of, invasion success. Our assessment of the literature indicates that the community feedbacks often provide an adequate explanation for a majority of grassland invasions but that the restructuring of the community feedbacks by the invasive species also can occur and contribute to the dominance by some invaders. The invasion process becomes further complicated by the fact that multiple species may be invading at the same time, and these new species may collectively alter community feedbacks. Invasional meltdown, where the presence of one invader enhances one or more other invaders (Simberloff & Von Holle 1999) , is one option. However, invasional antagonism, where the presence of one invader suppresses one or more other invaders (La Pierre et al. 2010) , is also possible. Attractiveness to pollinators Impacts on pollination success of other plants Schweiger et al. 2010 Fuel characteristics, flammability Influence on fire intensity and return intervals Brooks et al. 2004 Reinhart & Callaway (2006) and Inderjit & van der Putten (2010) summarized the literature demonstrating the ability of plant exudates to affect symbiotic and pathogenic microbes and affect the competitive ability of neighboring plants. Exudates clearly do affect competitive interactions, but the mechanisms (allelopathy, microbial response, etc.) remain difficult to identify, and there are few examples that unequivocally explain invasion success (Duke 2010). Kulmatiski et al. (2006) demonstrated that invasive species can alter water availability by preempting soil water before native species can exploit the resource, and plant growth forms and tissue quality can alter soil nutrients (e.g., Ehrenfeld 2003 Ehrenfeld , 2010 Levine et al. 2003) . The ability of an introduced species to alter the fire regime of more semiarid and arid grasslands is also well documented (Brooks et al. 2004) .
Top-down controls in conjunction with plant competition compose the most visible and perhaps most studied of community feedbacks. Of particular interest are the outcomes of invasive species with pathogens and herbivores, which can potentially produce a suite of negative to positive interactions. These interactions can be further confounded by the introduction of nonnative biological control agents, which via their abundance can alter food webs and indirectly influence plant competition (Pearson & Callaway 2008) . Not surprisingly, the feedbacks can be altered when additional top-down controls affect the abundance of the biological control agents (Knochel & Seastedt 2010) .
As grasslands continue to alter their biotic structures in response to multiple directional environmental drivers, new feedbacks-potentially stronger than those occurring naturally-can be generated. The implications are that invaders can exhibit superdominance when they occur in monoculture or near monoculture densities not seen in their native habitats because of an unusual number of positive feedbacks and the absence of negative feedbacks. At the same time, however, similar unnatural strong negative feedbacks may be generated to control these species by releasing an enemy that lacks its own top-down controls present in its native land (cf. Myers & Bazely 2003) . Also, pathogen load to the invaders will increase, but this accumulation will likely be slow (Mitchell et al. 2010) . When viewed through time, the abundance of the invader may follow some form of successional pattern that is driven by both coevolved and noncoevolved interactions. These interactions may appear with different lag times (e.g., Luken 1997) and may be influenced by genetic responses of the invader as well (Simberloff 2009 ).
Synthesis Model
The goal of encapsulating the large number of nonexclusive hypotheses explaining invasions and invasibility into a single conceptual framework remains a challenge. MacDougall et al. (2009) modified coexistence models to show how fitness and niche differences can control the outcome of invasions. First, their model is attractive because it has strong empirical support (e.g., Zavaleta & Hulvey 2004 , Hooper & Dukes 2010 . Second, the model has predictive power and simplicity. One noteworthy conclusion is that only superior fitness allows invaders to achieve dominance within a community. This model is compatible with the concept of filters (Figure 3) , but, as emphasized above, fitness is very context specific (Shea et al. 2005) . The model explains, for example, the observation that, while large numbers of nonnative species with high nutrient requirements persist in disturbed areas and surround relatively low-nutrient grasslands, these species generally cannot achieve dominance and often cannot invade these sites (e.g., Kotanen et al. 1998 , Smith & Knapp 1999 . However, when an invader appears with similar traits and superior fitness to the native dominant species, both invasion and dominance are likely (e.g., Reed et al. 2005 , Funk & Vitousek 2007 . Given the reality of climate change and other environmental change drivers, both the concept of new niches and fitness must be viewed as moving targets. And, even if the environment www.annualreviews.org • Invasions of Temperate Grasslandsis relatively static, rapid evolution might allow plant traits to alter their formula for success. Thus, in a state-space model that ordinates niche difference on one axis and fitness on another, one could view the invasive species as moving through this space, with the movement dictated by the status of the community as well as genetic changes occurring to the species.
Our conceptual model has similarities to conclusions made by Catford et al. (2009) , who attempted to integrate 29 published hypotheses for the invasion process into a single paradigm. They suggested that such a model must include factors that capture propagule pressure, abiotic characteristics of the introduced habitat, and biotic characteristics of both the invader and the community. They also noted that the invasion process results from interactions among these factors, a finding very consistent with our analysis. However, in terms of developing a model that explains the outcome of a specific species in a specific habitat, we are left with the need for an expert systems model approach, which largely precludes or severely limits our predictive ability.
Mechanisms for Dominance by Invaders
The ability to predict that a nonnative species will achieve dominance in grasslands has largely eluded ecologists, but this relatively small group of species remains a focus of research. This subset of invaders is a threat to at least local native species richness (Ortega & Pearson 2005 , Hejda et al. 2009a and, in combination with other global change drivers, may facilitate species extinctions (Wilcove et al. 1998) . Species capable of creating monocultures or near monocultures reduce local diversity, but this is a characteristic of native as well as introduced species. As a first approximation, we would expect that characteristics that allow native species to achieve dominance will work for nonnatives as well. For example, in the tallgrass prairie of North America, the native dominant species, the C 4 grass big bluestem (Andropogon gerardii ), can occupy a very large percentage of the biomass and cover of frequently burned, mesic grassland. This native now can be outcompeted by an introduced C 4 grass, Caucasian bluestem (Bothriochloa bladhii ). The latter species appears to mimic the traits of the native but is superior in terms of growth, ability to reduce soil nutrients, and perhaps seed production (Reed et al. 2005) . Thus, the one dominant can be replaced by a better dominant as hypothesized by Gould (1997) . However, another aggressive invader of these prairies is the nitrogen-fixing forb, Lespedeza cuneata. Although it possesses some traits that favor its dominance (Allred et al. 2010) , the niche difference between this species and dominant C 4 grasses would appear to be very large. Similar to shrub invasion in this region (Briggs et al. 2005) , we speculate that niche differences and environmental change rather than superior fitness are major factors contributing to this particular invasion.
Species that do not greatly reduce their own fitness when found in high densities clearly have the potential to achieve dominance. Klironomos (2002) demonstrated that abundant invasive species are usually not harmed when grown in their own soil, whereas rare native species can be penalized. This finding accompanied results showing a strong relationship between relative plant abundance and soil feedbacks for a large number of native and nonnative species. The common species either have few pathogens or these pathogens do not quickly increase in soils beneath the subset of species that were found to be abundant. Hence, the absence of enemies or escape from enemies can explain the coevolved and noncoevolved patterns of local abundance seen in both native and nonnative species. This finding is very consistent with the top-down control perspective that explains the community structure and persistence of grasslands in climates suited for dominance by woody species. However, the fact that introduced species may have partially or completely escaped a suite of coevolved pathogens would likely give these species a competitive edge. Combined with selected growth traits, these species appear to compose a large percentage of known problematic invaders (Blumenthal 2006 , Blumenthal et al. 2009 ).
SUMMARY POINTS
1. Grasslands of North America and Europe have been under the influence of top-down controls, grazing, and/or fire that have been directly or indirectly driven by human activities for millennia.
2. The ramping-up effects of global environmental change drivers, including the deliberate and unintentional movement of species across all of the continents, greatly intensifies the expectations for biotic change within these ecosystems.
3. For evolutionary, historical, and cultural reasons, the exchange of plant species has been more intensive from Eurasia toward North America, which resulted in numerous invasions and massive transformation of North American grasslands, while comparable communities in Europe are only slightly to moderately invaded.
4. Predicting the winners and losers of this scenario remains problematic. No single plant trait and no single community characteristic such as high or low species diversity or high or low resource availability explain the outcome of this process. The continued addition of new species may be facilitated by, as well as amplify or attenuate, effects of other global change drivers (Bradley et al. 2010 , Schweiger et al. 2010 .
FUTURE ISSUES
1. Research is needed to quantify the role of community feedbacks on invasive species, and vice versa, by using controlled ecological experiments and disentangling the roles of interacting factors. Figure 3 presents a conceptual framework for these studies.
2. Invasions of grasslands provide us with a global natural experiment. They constitute the same process that occurred, often reciprocally, under different evolutionary, historical, ecological, and biogeographical settings. Standardized biogeographical comparisons may reveal new insights if experiments are designed to disentangle relative roles of individual factors in shaping global grassland invasions.
3. The above large-scale experiments should include reasonably large sets of species varying in functional attributes. Such work would expand our knowledge base of available evidence for processes and mechanisms associated with grassland invasions derived from case studies of individual or a few species.
4. Nesting these studies within ongoing environmental monitoring frameworks that document climate and atmospheric changes (e.g., the US Long Term Ecological Research or National Ecological Observatory Network projects or European Long Term Ecological Research, national schemes such as Biodiversity Monitoring Switzerland, or the Global Earth Observation System of Systems) would allow evaluation of the importance of these drivers in the invasion process.
5. Building a global international network studying grassland invasion by standardized designed experiments would be a step toward these goals. Such an approach includes potential benefits such as creating databases and sharing ideas, data, and findings. 
